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Networks of marine reserves are increasingly a major component
of many ecosystem-based management plans designed to conserve
biodiversity, protect the structure and function of ecosystems, and
rebuild and sustain ﬁsheries. There is a growing need for scientiﬁc
guidance in the design of network-wide monitoring programs to
evaluate the efﬁcacy of reserves at meeting their conservation and
management goals. Here, we present an evaluation of the Channel
Islands reserve network, which was established in 2003 off the coast
of southern California. This reserve network spans a major environmental and biogeographic gradient, making it a challenge to assess
network-wide responses of many species. Using ﬁsh community
structure data from a long-term, large-scale monitoring program,
we ﬁrst identiﬁed persistent geographic patterns of community
structure and the scale at which sites should be grouped for analysis.
Fish communities differed most among islands with densities of individual species varying from 3- to 250-fold. Habitat structure differed
among islands but not based on reserve status. Across the network,
we found that, after 5 years, species targeted by ﬁshing had higher
densities (1.5×) and biomass (1.8×) inside reserves, whereas nontargeted species showed no signiﬁcant differences. Examining trophic
groups, piscivore and carnivore biomass was signiﬁcantly greater
inside reserves (1.8× and 1.3× more, respectively), whereas the biomass of planktivores and herbivores was similar inside and out. A
framework for incorporating biogeographic variation into reserve
network assessments is critical as we move from the evaluation of
single reserves to networks of reserves.
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fforts to prevent and reverse declining trends in coastal marine
ecosystems and the ﬁsheries and other services these ecosystems support increasingly advocate the use of ecosystem-based
management (EBM) (1–3). One common element of the EBM
framework includes the use of marine protected areas (MPAs)
(4–6). Results of synthetic analyses routinely show that single MPAs
are generally effective at biodiversity conservation by increasing
density, size, biomass, and diversity of species within their borders
(7–9). Emerging evidence indicates that adult spillover (10, 11) and
larval subsidies (12, 13) may beneﬁt ﬁshed areas outside MPAs.
Following the successes of single marine reserves, these management tools have gained popularity in coastal zones and stimulated
the drive to establish regional networks of MPAs (4, 14). Networks
of MPAs represent an integrated system of multiple protected
areas, often designed to conserve regional biodiversity and ecosystem function across habitats, buffer against catastrophes, connect populations on ecological timescales, and provide sustained
socioeconomic beneﬁts (15, 16). In some cases, scientiﬁc guidance
has been used to establish size and spacing guidelines in MPA
network design, with the goal to create MPA networks that protect
species and habitats while enhancing larval replenishment of populations open and closed to harvest (17–20).
Increasingly, the development of MPA networks includes monitoring programs designed to evaluate the effectiveness of MPAs at
meeting their conservation and management goals. One intent of
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these evaluations is to inform the adaptive management of individual MPAs and whole networks. In addition, monitoring programs facilitate the role of MPAs as tools for EBM. Comparisons
inside and outside of MPAs provide ﬁshery managers with estimates of the effects of ﬁshing on the structure and functions of
populations, communities, and ecosystems. Such comparisons can
also inform stock assessments and estimate the relative response
and resiliency of ﬁshed and unﬁshed systems to natural and
anthropogenic perturbations. Thus, there is growing demand for
guidance in the design of monitoring programs, especially those
that capitalize on the opportunities (e.g., replication, variation)
provided to scientists and decision makers by the multiple MPAs
that constitute networks.
In 2003, the California Department of Fish and Game established a network of 10 State Marine Reserves (fully no-take) and
two State Marine Conservation Areas (some limited ﬁshing activities allowed) covering approximately 12% of state waters within
the Channel Islands National Marine Sanctuary [CINMS; (Fig. 1)
hereafter referred to as the “reserve network”]. In 2007, the network was expanded into federal waters. The reserve network covers
488 km2 in state waters, including reserves on ﬁve islands, and was
the product of a stakeholder-initiated process in which scientiﬁc
and socioeconomic guidance were used to identify the number, size,
spacing, and locations of reserves according to ecological design
criteria (15).
Over a relatively short geographic scale (approximately 100 km),
the CINMS encompasses a number of biogeographic regions (see
ref. 15 and its reference list), caused in part by strong environmental
gradients in sea surface temperature (SST), productivity, wind
stress, and wave exposure (21–23). The CINMS sits at the conﬂuence of two major currents, with the cool, nutrient-rich California Current bathing the western islands from the north, whereas
the warmer Southern California Countercurrent bathes the eastern
islands from the south. Satellite-derived estimates of SST during
the past 28 years show a strong gradient throughout the CINMS
(Fig. 2A). In addition, a major biogeographic break occurs at
Pt. Conception, inﬂuencing the abundance patterns of many species (24). When designing MPA networks to maximize biodiversity
protection, biogeographic representation is often one of the top
ecological criteria (16, 20). In the Channel Islands process, three
main biogeographic regions emerged when the area was subdivided
according to physical and biological differences using information
available at the time (15). Ultimately, multiple reserves were placed
in each of three bioregions: the Oregonian Province in the west, the
Transition Zone, and the Californian Province in the east.
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Fig. 1. Map of the Channel Islands showing the locations of ﬁsh community
surveys and the ﬁrst year that ﬁsh surveys occurred. The MPA network is
highlighted on the map (red, fully no-take State Marine Reserve; blue,
limited-take State Marine Conservation Area). Note that some sites were not
surveyed every year following the start year of sampling.

B

1.0
2D Stress: 0.09
Tyler Bight

Results
A nonmetric multidimensional scaling (MDS) analysis of the 30
most common ﬁsh species indicated similarities in ﬁsh community
structure by the relative distance between sites in 2-D space (Fig.
2B). In general, sites on each of the ﬁve islands grouped together
and were more similar to each other than they were to sites on other
islands (Tables S1 and S2). These groupings followed a pattern
similar to that of SST (MDS axis 1 is strongly positively correlated
with average SST; r = 0.88; P < 0.0001), with the largest differences
in ﬁsh community structure occurring between the coolest (San
Hamilton et al.
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Inherent variation in environmental factors, habitats, species
abundances, and community composition provide a distinct challenge for evaluating the strength of biological responses across
large MPA networks, such as the Channel Islands. If species vary
greatly in abundance as a result of biogeography, these differences
should be taken into account when assessing overall network responses to ensure that the detection of biological responses is a
result of protection. Using biogeographic inferences may also help
to identify appropriate bioregions and reserve and nonreserve
reference sites for comparison. The framework we present here will
provide guidance for evaluating MPA network performance in light
of biogeographic effects in many systems. We illustrate this analytical approach for the Channel Islands marine reserve network
after 5 years of protection.
Since 1999, we have conducted annual surveys of kelp forest
ecosystems in the CINMS, and monitoring efforts were greatly
expanded in 2003 to evaluate the effects of reserves (Fig. 1).
Unfortunately, detailed ﬁsh community data were not available for
the many reserve and reference locations before reserve establishment, which is likely to be the case for most networks, as reserve
locations are seldom known far in advance. We ﬁrst used surveys of
kelp forest communities to identify geographic patterns of community structure (i.e., bioregions) and to deﬁne appropriate scales
over which to group sites for reserve performance evaluations. We
then examined the density and biomass response of common ﬁsh
species inside and outside of reserves and asked whether species’
responses to protection differed based on target status or trophic
group. We tested the hypotheses that targeted (i.e., ﬁshed) species
would show positive responses across the reserve network compared with nontargeted species and that higher trophic level
predators (e.g., piscivores and carnivores) would show stronger
responses to protection because these species are commonly ﬁshed.
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Fig. 2. (A) Map of the Channel Islands showing long-term (1982–2006)
average SST recorded by Advanced Very High Resolution Radiometer satellite. The sharp gradient in SST between the western and eastern islands is
apparent. (B) Nonmetric MDS analysis depicting similarities in ﬁsh community structure among survey sites. Most sites group at the island scale,
suggesting similarities among ﬁsh communities at this scale. MDS axis 1 is
positively correlated with average SST at each site (r = 0.88; P < 0.0001).

Miguel) and the warmest (Santa Barbara) islands surveyed (Tables
S1 and S2). Similar site groupings emerged in cluster and MDS
analyses of invertebrate and macroalgal community structure
measured from the same monitoring program. Both targeted and
nontargeted ﬁsh species ranged from being three times to 250 times
more abundant on particular islands (Table S3), and some species
were absent on one or more islands. Both of these factors suggest
the importance of controlling for biogeographic differences in
MPA network evaluations.
The statistical beneﬁt of considering biogeography within the
Channel Islands reserve network was evaluated by comparing
statistical models including bioregions (i.e., island term) to ones
where bioregions were ignored. For all of the response variables
considered in this study (as detailed later), a statistical model
incorporating this island-level source of variation proved to have
greater statistical power, after adjusting the degrees of freedom
in cross-model comparisons (Materials and Methods; Fig. 3). The
improvement in power to detect reserve effects correlated positively with the magnitude to which a species varied in density
across islands (r2 = 0.52; P < 0.0001; Fig. 3). We did not ﬁnd
evidence of systematic habitat differences between sites inside
and outside reserves across the network (Fig. S1). Although we
did detect differences in habitat among the islands, reserve and
PNAS | October 26, 2010 | vol. 107 | no. 43 | 18273
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Fig. 3. Relationship between the reserve effect power ratio (power in
bioregion model/power in nonbioregion model) and the maximum difference in a species’ density across the Channel Islands (values from Table S3). In
all cases, the power to detect reserve effects is improved by controlling for
biogeography (i.e., all points occur above the dashed line, indicating
improved power in the bioregion model). Statistical power increases most
for species that exhibit strong biogeographic differences in abundance.

nonreserve sites did not differ in physical relief or substrate type,
beyond nonreserves having higher cover of ﬂat relief (Table S4).
Biological responses were concordant with the predicted effects
of reserves. Targeted ﬁsh species are more abundant inside reserves
(average response ratio [ARR], 1.45 ± 0.11), and nontargeted ﬁsh
species are equally abundant (ARR, 0.99 ± 0.05) inside and outside
reserves (Fig. 4). In fact, 13 of 14 targeted species have ARRs >1
(Binomial test, P = 0.01), whereas only 8 of 16 nontargeted species
have ARRs >1 (Binomial test, P > 0.05), indicating no signiﬁcant
pattern in the ARRs of nontargeted species. After controlling for

biogeographic differences in densities, a number of targeted species
were signiﬁcantly more abundant inside reserves (e.g., lingcod,
California sheephead, copper rockﬁsh, cabezon, ocean whiteﬁsh,
kelp bass; Table S5), whereas nontargeted species did not show
differences based on reserve status. The biomass (a product of
density and size) of individual targeted species showed an even
stronger difference across the reserve network (ARR, 1.78 ± 0.22),
whereas nontargeted species had equal biomass inside and outside
(ARR, 0.98 ± 0.05; Table S6 and Fig. S2).
We assessed differences in the total biomass of targeted and
nontargeted species inside and outside reserves (Fig. 5A). Targeted species biomass was approximately two times higher inside
reserves than outside (by ANOVA, reserve F1,30 = 11.6, P =
0.0019; island F4,30 = 3.7, P = 0.015; reserve × island F4,30 =
0.16, P = 0.96). For nontargeted species, on average there was
no difference in ﬁsh biomass inside versus outside reserves
(by ANOVA, reserve F1,30 = 0.59, P = 0.45; island F4,30 = 3.4,
P = 0.02; reserve × island F4,30 = 2.3, P = 0.08). These patterns
also differed among the islands, with some islands showing
stronger differences than other islands (Fig. 5 B and C). The
biomass trajectories of targeted species inside and outside of
reserves diverged through time, with targeted species increasing
inside reserves relative to outside (by ANCOVA, reserve F1,53 =
4.95, P = 0.03; year F1,53 = 0.42, P = 0.51; reserve × year F1,53 =
3.65, P = 0.06; Fig. 5D). In contrast, nontargeted species did
not show temporal trends either inside or outside of reserves
(by ANCOVA, reserve F1,53 = 0.15, P = 0.69; year F1,53 = 0.54,
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Fig. 5. Spatial and temporal patterns of biomass for targeted and nontargeted species inside (red bars or squares) and outside (blue bars or circles)
of reserves in the Channel Islands. (A) Averages across all islands in the
reserve network, (B) targeted species biomass for each island, (C) nontargeted species biomass for each island, (D) time series of targeted species
biomass, and (E) time series of nontargeted species biomass. Biomass is
reported in metric tons per hectare. Error bars are ± SE.
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Discussion
Networks of relatively large MPAs are being implemented in many
locations across the globe, but few networks have been evaluated as
such. One important question is how to appropriately assess biological responses across the network, given potential biogeographic
and habitat differences among MPAs and between MPAs and
reference areas. We used biogeographic information to identify the
scale at which sites should be compared, and this was roughly the
island-scale in our system. The bioregions identiﬁed in our analyses
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differed slightly from the three bioregions identiﬁed during the
design phase of the reserve network, which synthesized the available literature (15). In particular, sites on Santa Barbara Island did
not group with sites on the south side of Santa Rosa and Santa
Cruz Islands (i.e., the Transition Zone). Instead, sites on each
island grouped most closely with other sites on that same island,
although Anacapa Island overlapped with sites on the eastern end
of Santa Cruz Island. Biogeographic variation in community
structure occurred over a relatively small spatial scale (approximately 100 km) in the Channel Islands, was strongly correlated
with SST (similar to ref. 25 for intertidal algae), and likely inﬂuenced by other environmental gradients (21–23). However, the
critical spatial scales of community similarity will likely vary from
network to network. The utility and importance of considering
biogeographic structure in analyses of reserve effects was demonstrated in this study by an increase in statistical power to detect
reserve effects when sites were grouped by bioregion (i.e., island).
Importantly, the increase in power was most pronounced for precisely those species that showed strong biogeographic differences
in abundance (Fig. 3). We recommend that researchers consider
these biogeographic effects in future MPA network evaluations,
especially as large-scale MPA networks become established more
commonly (e.g., ref. 26).
After 5 years of protection, we recorded signiﬁcantly greater
densities and biomass of targeted ﬁsh species inside reserves
compared with outside, but did not ﬁnd differences among nontargeted species. Network-wide performance was assessed with
meta-analysis techniques (i.e., ARRs) that translated density and
biomass differences into the standard currency of effect sizes
while controlling for biogeographic variation. Despite the lack
of detailed “before” data across the network, these differences
were not likely pre-existing or an artifact of reserve placement, as
habitat did not systematically differ between reserve and nonreserve sites, and because only the biomass of targeted ﬁsh species
increased over time. If sites with better habitat quality were originally sited inside reserves, we would expect both targeted and
nontargeted species to show higher biomass inside reserves, which
was not the case here. In addition, synthetic analyses of reserve
responses across the globe have commonly reported that before/
after effects are comparable to inside/outside differences (7, 9).
The lack of before data are likely to be the norm for many MPA
networks because reserve boundaries are often not known far in
advance of reserve establishment.
The overall biological responses after 5 years are likely explained
by a reduction in ﬁshing mortality inside reserves and potentially
by a redistribution of effort outside reserves (both effects may explain
the rapid increase in biomass of targeted species after the ﬁrst year
of protection; Fig. S3). Qualitatively similar patterns in density, size,
biomass, and predicted reproductive output were reported for many
of these same species in a number of small southern California
reserves that have been protected for 17 to 35 years (27). These
responses by targeted and nontargeted species ﬁt expectations and
suggest that the reserve network is effective in meeting biodiversity
protection goals (i.e., rebuilding the abundances of targeted species).
It remains to be seen whether the Channel Islands reserve network
enhances ﬁsheries through spillover and larval subsidy effects.
However, the increased biomass and associated increase in reproductive output of targeted species inside reserves should supplement
ﬁshery production outside, although this may be difﬁcult to detect in
practice (13). In addition, modeling and empirical results from other
southern California reserves suggest spillover is likely to occur (28).
Piscivorous and carnivorous functional groups accounted for the
largest differences in ﬁsh biomass between reserve and nonreserve
areas across the network (1.8 and 1.3 times more biomass inside,
respectively). Many of the species in these groups are targeted by
ﬁshing and would be expected to respond most rapidly to reserve
protection, as has been reported across a collection of Mediterranean (8) and Hawaiian (29) MPAs. Piscivores and carnivores
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P = 0.47; reserve × year F1,53 = 0.14, P = 0.71; Fig. 5E). Despite
annual ﬂuctuations in biomass among islands, ARRs of targeted
species increased during the 5 years following reserve establishment, but showed no trend for nontargeted species (Fig. S3).
We also found that differences inside and outside reserves varied
by trophic role across the islands (Fig. 6). On average, piscivores
showed the largest difference, with 1.8 times higher biomass
inside reserves (by ANOVA, reserve F1,30 = 6.3, P = 0.018; island
F4,30 = 1.6, P = 0.20; reserve × island F4,30 = 0.13, P = 0.97; Fig.
6B). We recorded 1.3 times higher biomass of carnivores inside
reserves, but also detected signiﬁcant differences in carnivore biomass among islands and a signiﬁcant reserve/island interaction (by
ANOVA, reserve F1,30 = 5.0, P = 0.033; island F4,30 = 4.0, P =
0.01; reserve × island F4,30 = 3.2, P = 0.027). Planktivores showed
no signiﬁcant difference in biomass inside and outside reserves, but
there were differences between islands (by ANOVA, reserve
F1,30 = 0.53, P = 0.47; island F4,30 = 3.2, P = 0.026; reserve × island
F4,30 = 1.6, P = 0.19). Herbivores showed equal biomass
inside and outside of reserves (by ANOVA, reserve F1,30 = 0.8, P =
0.38; island F4,30 = 23.2, P < 0.001; reserve × island F4,30 = 1.4, P =
0.25). We also detected a strong difference among islands, likely
driven by biogeographic factors that limit herbivory in the cool
western islands.

both can play critical roles in structuring temperate kelp forest
ecosystems. For example, ﬁshed species such as California sheephead and spiny lobsters are important consumers of sea urchins (30,
31) and help to prevent the transition of productive kelp beds into
unproductive urchin barrens (32). Indeed, higher urchin predator
abundance in the Anacapa Island Ecological Reserve (established
in 1978) has maintained a persistent kelp forest state, in contrast to
nonreserve sites (33). Kelp forest ecosystems support more diverse
communities, complex food webs, and abundant populations of
ﬁshed species than urchin barrens (34). Top-down ecosystem-level
changes in temperate systems in response to reserve protection may
take decades to cascade through the food web, as predators disproportionately beneﬁt from a reduction in ﬁshing pressure (35).
As the biomass of key predators increases further inside reserves in
the Channel Islands, we expect continued changes to the ecosystems they support, similar to other temperate reserves (8, 27, 35–
37). Assessing the aggregate responses of different functional
groups to MPAs may provide managers with tools to forecast
ecosystem-level impacts.
Here we present one of the ﬁrst evaluations of the performance of a large-scale network of marine reserves. After 5 years,
response ratio and biomass trajectories indicate targeted species
are increasing in biomass inside reserves relative to outside, with
no differences in nontargeted species. Despite matching our a
priori predictions, the probability associated with this interaction
between target status and survey year was not quite signiﬁcant,
likely because of high site-level variance in biomass, which may
be attributed in part to annual monitoring and associated sampling error (e.g., variation in visibility, current, and swell). Given
sampling constraints, this result suggests a tradeoff between
spatial coverage and sampling frequency that may affect the time
required to conclusively attribute observed differences in biological responses to a reserve effect. On the Great Barrier Reef,
Russ et al. (38) reported a similarly rapid increase in the abundance of ﬁshed species across the world's largest MPA network,
which spans more than 1,000 km of coastline and was implemented in 2004. Many other regional studies have analyzed the
biological responses of collections of reserves and reported
similar increases in abundance and biomass of ﬁshed taxa (e.g.,
refs. 8, 27, 29, 37). However, not all species showed positive
responses to reserve protection in the Channel Islands, and these
tended to be nontargeted species. The causes of these patterns
require further study, but may reﬂect species interactions such as
decreases in prey following increases in their predators inside
reserves (39). Interestingly, we detected spatial variation in the
strength of the biological responses of reserves across the different island groups and responses of targeted species were
greatest in the eastern (i.e., warmer water) islands (Fig. 5B). As
other recent studies have shown, marine reserve responses may
be context dependent and spatially variable as a result of differences in physical and environmental factors, reserve size, the
degree and time of reserve protection, and the intensity of ﬁshing
pressure outside (37, 39–41).
Is a network simply a collection of MPA replicates or does it
function as more than the sum of its parts? The concept of a network directly implies connectivity among MPAs and areas open to
harvest (20). However, given natural recruitment variability, it may
be extremely difﬁcult to demonstrate larval export and connectivity
empirically (13; but see ref. 42), especially within the conﬁnes of
standard MPA monitoring plans. However, research is progressing
to use monitoring data (e.g., population density, size structure, and
estimates of larval production) to parameterize spatially explicit
multispecies MPA models, which are in turn coupled with data on
ﬁshing intensity and oceanographic models of larval connectivity
patterns. These models may then be used to generate null expectations of changes in abundance, biomass, and community structure
that can be compared with monitoring time series. Linking monitoring data with models will be a critical step in establishing ex18276 | www.pnas.org/cgi/doi/10.1073/pnas.0908091107

pectations of biological responses in individuals MPAs and across
whole networks (e.g., ref. 43). With monitoring data, we can assess
the overall performance of MPA networks as a set of replicate
reserves. However, “typical” ecological monitoring programs generally do not allow us to directly measure network connectivity and
larval subsidy effects over these large scales. The development of
new technologies and tools in ocean circulation modeling and larval
tracking will help to close that gap (e.g., refs. 42, 44). EBM and
adaptive management require an understanding of which MPAs
in a network are outperforming others and how differences in
design criteria (e.g., MPA size, spacing, and allowed human activities) and potential drivers (e.g., biogeography, productivity, ﬁshing
pressure outside) correspond to observed differences in ecological
and socioeconomic responses. Knowledge of these factors will
help improve the design of MPA networks in the future.
Materials and Methods
Community Survey Methodology. The Partnership for Interdisciplinary Studies
of Coastal Oceans (PISCO) has conducted community monitoring in nearshore
kelp beds and rocky reefs in the CINMS since 1999 and sites have been steadily
added through time (www.piscoweb.org; Fig. 1). At each site, PISCO conducts eight to 12 ﬁsh transects that are 30 × 2 × 2 m at multiple levels in the
water column: benthic, midwater, and canopy (when present). Transects are
laid out in a stratiﬁed random design, with multiple nonpermanent transects located in ﬁxed strata (i.e., outer, middle, and inner edges of the reef).
At each level in the water column, one diver per transect counts and sizes all
ﬁsh to the nearest centimeter (total length), excluding small cryptic ﬁshes
(e.g., gobies). In addition, PISCO conducts four to six benthic transects at
each site to characterize community structure of invertebrates and macroalgae along 30 × 2 m swaths and percent cover, substrate type, and physical
relief using uniform point contact at 30 points along each transect line.
Transects are conducted on SCUBA in depths shallower than 20 m once per
year at each site.
We used published length/weight relationships for each species or closest
congener (ref. 45; see also www.ﬁshbase.org) to estimate the biomass of every
individual. We used published diet studies (45, 46) and personal observations
to assign each species to various functional groups (herbivores, planktivores,
carnivores, and piscivores). Some species were assigned to different functional
groups at different sizes to reﬂect ontogenetic changes in diet. Species were
also categorized as being generally targeted or nontargeted by commercial
and/or recreational ﬁshing activities, by examining California Department of
Fish and Game landings records from areas in the CINMS and consulting with
ﬁsheries managers and ﬁshermen. Using the count or biomass data for each
ﬁsh species or group, summed over the different levels, we calculated the
average density or biomass per site per year. These estimates represented the
lowest level of replication for further analyses.
Biogeographic Considerations in MPA Network Analyses. Because of the historic placement of PISCO survey sites throughout the islands before reserve
designation, the large sizes of reserves (Table S7), and variation in habitat
over those scales, many sites outside reserves were not designed as references for particular sites inside reserves. More importantly, as a result of
biogeographic factors, some species are abundant at particular islands and
are rare or absent at other islands (Table S3). Therefore, we used biogeographic inferences to identify bioregions and the scales at which sites should
be compared. Using the years in which PISCO surveyed the full complement
of sites (2005–2008; see Fig. 1), we calculated average abundances of the 30
most common species. After creating a Bray-Curtis similarity index from
fourth root–transformed data, we performed a MDS analysis in PRIMER 6.0
to visualize similarities and differences in ﬁsh community structure. As
islands were identiﬁed in the MDS analysis as appropriate biogeographic
units to use in further analyses, we tested for signiﬁcant differences in
community structure among islands (i.e., analysis of similarity) and the success of jackknifed reclassiﬁcation of sites to their island of origin (i.e., canonical analysis of principal coordinates) using PRIMER 6.0 (Tables S1 and S2).
To evaluate whether statistical power to detect differences inside and
outside of reserves would be improved by grouping sites according to these
predetermined biogeographic regions, we compared an ANOVA model that
included a bioregion (i.e., island) term to a model that did not. The bioregion
model tested the terms “island,” “reserve,” “year,” and all interactions,
whereas the nonbioregion model tested only “reserve,” “year,” and the
“reserve × year” interaction. Degrees of freedom for the error term are
automatically reduced in the bioregion model by the addition of the island
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MSErrorðbioregionÞ <

F0:05 dfEffect ; dfErrorðnon − bioregionÞ
F0:05 dfEffect ; dfErrorðbioregionÞ

(1)

∗ MSErrorðnon − bioregionÞ
The relative power of the two models to detect both reserve and reserve ×
year effects was compared using each of the response variables examined in
this study, and the bioregion model was found to have greater power in all
instances (Fig. 3).
Reserve Responses. After identifying islands as the appropriate grouping
scale, we examined the response of ﬁsh species to reserve establishment by
comparing the average response of all sites inside reserves to the average
response of all sites outside reserves on each island in a given year. We relied
primarily on inside versus outside comparisons because of a lack of sufﬁcient
“before” data. We calculated log response ratios (inside/outside) as the log
of the average response (i.e., density or biomass) at all sites inside reserves to
the average response of all sites outside reserves for each island in each year,
for the years 2005 through 2008 (47). To examine general responses across
the collective network, we took the averages of the log response ratios
across each island and calculated SEs in those ARRs. The log response ratios
and limits of the errors were back-transformed for presentation purposes
(i.e., ARR). Species with ARRs >1 are more abundant inside reserves, whereas
species with ARRs <1 are more abundant outside reserves. To assess the
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SPECIAL FEATURE

statistical signiﬁcance of individual species responses to reserves, we used
the mean island-year density or biomass and conducted two-way ANOVAs
with the factors of reserve, island, and reserve × island.
We compared the total ﬁsh biomass of all targeted and nontargeted species
and conducted a two-way ANOVA with the factors of reserve, island, and
reserve × island. While acknowledging that sampling was more limited in
2003 and 2004 (the ﬁrst years following reserve designation), we used the
available data in each year to examine temporal trajectories of changes in
biomass of targeted and nontargeted species across the reserve and nonreserve sites using ANCOVA with the factors of reserve, year, and reserve ×
year. We also conducted an ANCOVA on the ARR trajectories for targeted and
nontargeted species with the factors of ﬁsh group, year, and ﬁsh group ×
year. For trophic group analyses, we summed the biomass for each trophic
group at each site and compared ARRs and biomass responses of the different
trophic groups as mentioned earlier. All analyses were conducted in JMP 7.0.

SUSTAINABILITY
SCIENCE

term and its interactions, so improved statistical power occurs in cross-model
comparisons when the error term is small enough to offset this loss; in other
words, when the following inequality is true:

